a r t i c l e i n f o a b s t r a c t respectively. FACs in field-caged fish were comparable or significantly higher than wild-caught fish LDW fish and significantly higher than lab fish after only 8-10 days, demonstrating the equivalency of expo sure to that of migrating salmon. Furthermore, selected biomarkers appear to be capable of detecting spikes in contamination between sampling years, emphasizing the need for multiple year data collection.
Introduction
The Lower Duwamish Waterway (LDW) refers to a portion of the Lower Duwamish River in Washington State covering approx imately 8.85 km (USEPA and WSDOE, 2008) . The LDW represents a transition zone or estuary, as it receives fresh water from the Green River, which is the primary source of water for the Duwa mish River (Windward Environmental LLC, 2007) , and salt water from the Puget Sound, as the LDW flows into Elliott Bay (USEPA and WSDOE, 2008) . The LDW has been heavily modified from its original state to facilitate use as a navigational corridor (Windward Environmental LLC, 2007) . In addition to historical releases of con tamination from industrial sources, combined sewer overflows (CSOs) and storm drains discharge into the LDW (USEPA, 2001) . As a result, in some areas of the LDW, contaminants such as polycyclic aromatic hydrocarbons (PAHs), polychlorinated biphenyls (PCBs), phthalates, and metals exceed levels of concern in sedi ments (Windward Environmental LLC, 2003a) and in 2001, the LDW was declared a Superfund site. Today the LDW is character ized mostly by industrial activities such as shipping, boat manufac turing, marina operations, and airplane part manufacturing activities, among others (USEPA, 2001) ; however, the residential areas of Georgetown and South Park are also located along or near by the shores of the LDW.
Contaminated sediments and water, such as those present in the LDW, may have wide-ranging impacts on human and ecologi cal health. These impacts can include direct impacts on population health and indirect impacts due to the limited productivity of con taminated sediments. Assessment of toxicity and risk related to contaminated sediments is particularly challenging because sedi ments typically contain complex mixtures of toxicants. Previous studies that sampled fish from the LDW have documented elevated prevalence of fin erosion disease (Wellings et al., 1976) , hepatic lesions (McCain et al., 1977; Pierce et al., 1978) , immunosuppres sion (Arkoosh et al., 1991) , fluorescent aromatic compounds (FACs) in bile (Krahn et al., 1986b) , and DNA adducts (Varanasi et al., 1989a) . However, in spite of the contamination, a robust foodweb remains in place in the LDW (Windward Environmental LLC, 2007) .
Potential study designs to assess the current state of contamina tion in the LDW and evaluate potential health effects in migratory fish include laboratory studies, field studies using wild-caught fish, and in situ studies using caged fish. Laboratory studies are unable to duplicate true field conditions and thus may provide misleading conclusions (Hanson and Larsson, 2007; Martin-Diaz et al., 2008) . Similarly, although biomarkers have been demonstrated to be effective indicators of exposure (Van Der Oost et al., 2003) , bio marker data collected from field studies using wild-caught fish are subject to high inter-individual variability due to mobility of fish and varied exposure histories (Hanson and Larsson, 2007) . In order to reduce this variability and to more closely resemble true field exposure conditions, a series of 8-10 days in situ caged fish exposure studies were conducted in the LDW each July, over a 4 year period (2004) (2005) (2006) (2007) . Despite the advantages of in situ caged exposures, such as integration of natural variation in exposure con ditions, disadvantages include potential cage loss and altered food availability for test organisms (Chappie and Burton, 2000) . Juvenile Chinook salmon were chosen as the test species based on both their ecological significance (currently listed as Threatened under the Endangered Species Act in Washington State) and economic importance in the Pacific Northwest.
In spite of the rapid metabolism of PAHs by fish, a small number of studies have been conducted examining the relationship be tween PAHs in fish tissue and levels of PAHs present in sediment, though it is worth noting that numerous other exposure assess ment methods were typically used concurrently (Meador et al., 1995) . In some instances, body burden of parent PAHs in tissue have been related to other biomarkers. For example, Goksøyr et al. (1994) related CYP1A1 induction, as measured by 7-ethoxy resorufin-O-deethylase (EROD) activity, to levels of parent PAHs in tissue of caged Atlantic cod. Following metabolism, PAH metab olites accumulate in bile (Varanasi et al., 1989b) , thus many studies have utilized analysis of FACs to evaluate the relationship between contaminated sediment and ecological receptors. For example, Col lier and detected elevated levels of FACs in bile from English sole (Parophrys vetulus) following administration of either a PAH-rich Duwamish Waterway sediment extract or Benzo(a)pyrene (BaP). Recently, Meador et al. (2008) reported a very high correlation (r 2 = 0.87) between dietary dose and biliary FACs.
In addition, FAC analysis of bile has also been examined in relation ship to adverse effects in fish. Krahn et al. (1986b) reported a cor relation between hepatic lesions in English sole at various Puget Sound locations, including the Duwamish Waterway, and concen trations of FACs in bile. Further, Meador et al. (2008) found that bil iary FACs provide a good surrogate for exposure and resulting growth effects in fish. DNA adducts have frequently been used to study PAH-related contamination, though unlike the current study, this analysis typ ically utilizes hepatic tissue instead of gill tissue (Van Der Oost et al., 2003) . PAH-DNA adducts are formed when reactive PAH metabolites covalently bind with DNA. The 32 P-Postlabeling DNA adduct method was developed by Reddy and Randerath (1986) . This method provided advantages over other methods of DNA adduct measurement because it required a small amount of DNA, as little as 10 lg, and was highly sensitive in detection of DNA adducts as detection limits are as low as 1 adduct per 10 9 nucleotides . DNA adducts have previously been used in field studies effectively. Stein et al. (1992) found a correla tion between levels of PAHs present in sediment and levels of he patic DNA adducts in several species of Puget Sound flatfish. Further, in an in situ biomarker study using caged coho salmon (Oncorhynchus kisutch), Barbee et al. (2008) , determined that DNA adducts provided a sensitive marker of genotoxicity of PAHs in sediments.
The CYP4501A subfamily has shown utility as a biomarker due to its role in biotransformation of contaminants (Sarkar et al., 2006) . Following exposure to contaminants such as PAHs and PCBs, CYP1A is induced via the aryl hydrocarbon receptor (AhR), thus induction of CYP1A has often been used as a biomarker for pollu tion monitoring in various species of fish (Sarkar et al., 2006) . ELISA or Western blots are among the various methods which can be used to measure CYP1A protein levels immunologically (Bucheli and Fent, 1995; Van Der Oost et al., 2003) .
Objectives of this study included characterization of the extent of PAH and PCB contamination present in sediment and water sam ples from the LDW during the exposure period, as well as measure ment of various biomarkers. These biomarkers included (1) body burden of PAHs and PCBs present in fish tissue, (2) DNA adducts in gill tissue composites, (3) CYP1A1 induction in hepatic tissue (2007 only), and (4) fluorescent aromatic compounds (FACs) in bile (2006 only). Further, the relationship between biomarker re sponses in caged fish and levels of contaminants present in envi ronmental media (sediment and water) was examined. Use of multiple biomarkers provided additional lines of evidence to fur ther delineate the relationship between contaminated sediment and juvenile salmon migrating through the LDW. Additionally, lev els of contaminants in sediment were compared with sediment quality thresholds (SQTs) in order to evaluate the likelihood of ad verse effects, and source allocation of PAHs was performed using PAH ratios to determine if LDW PAH contamination was of either petrogenic or pyrogenic origin, or potentially a combination of both.
Materials and methods

Collection of environmental samples
Sediment samples from each field site were collected from a boat using a petite ponar grab sampler (WILDCO, Buffalo, NY). From each study year, one sediment sample was collected at each station. Upon collection, the sediment samples were homogenized in stainless steel bowls and transferred to glass I-CHEM certified 1L sampling jars with Teflon lined lids (VWR, West Chester, PA). Dur ing the 2004 study, three water samples were collected at cage deployment and three additional water samples were collected at cage retrieval, however minimal variation was observed, and in subsequent study years a minimum of two water samples were collected at each station. These water samples were collected at each site using a Beta bottle sampling device (WILDCO, Buffalo, NY) placed just above the sediment surface within the exposure zone of the deployed cages on the day of cage deployment and immediately following cage retrieval. Samples were stored in 1 L I-CHEM certified amber bottles with Teflon lids (VWR, West Ches ter, PA).
Caged in situ exposure with juvenile Chinook salmon
Juvenile ocean-type Chinook salmon (Oncorhynchus tshawyts cha) were obtained as eggs or fry from the University of Washing ton hatchery and reared at the NOAA Fisheries marine lab in Mukilteo, WA. They were raised in freshwater and acclimated to seawater in June of each year. Fish were held in chilled aerated tanks during transport to the LDW. While being held on the EPA re search boat during transport to the exposure sites, fish were grad ually acclimated to water conditions present in the LDW through addition of LDW water to the tanks in 5-10 min intervals.
Upon arrival at each site, water quality parameters were mea sured using a Hydrolab multiprobe (Hydrolab-Hach Company, Loveland, CO) to ensure that conditions were acceptable for salmon survival. However, close examination of this data revealed poten tial inaccuracies in the Hydrolab data. Alternatively, representative water quality parameters collected by King County monitoring sta tions near our sampling sites are displayed in Table 1 . Acceptable conditions were further verified upon cage retrieval, excluding one notable exception. During the 2004 sampling period, 100% Values are means and SD for n = 24 (B2-B4) and n = 10 (K1) individual measure ments. NR: not relevant, control fish were maintained in holding tanks at the Mukilteo lab with flow-through filtered seawater.
mortality was experienced at our intended field-reference site near North Wind's Weir. Based on historical water quality data from the King county stations, we learned that salinity can be very low at the surface, therefore we concluded that a sudden change in per cent salinity was likely responsible for the severe mortality event.
In contrast, at all other sampling stations during all other study years, divers reported healthy fish upon cage retrieval. On rare occasions, fish mortality (less than 1% of exposed fish) was experi enced when cages were tied off to the dock waiting to be processed. The cage deployment process proceeded following collection of sediment and water samples and involved net transfer of fish into a 45.7 x 30.5 x 20.3 cm plastic-coated, wire mesh pinfish trap cage (Model 1264; FRABILL, Inc., Jackson, WI) modified to prevent fish escape. Weights were attached to the bottom of the cages to keep the cage location stationary. With the help of the US EPA Region 10 dive team, either 2 or 4 cages, each containing 10-15 fish, depend ing on total number of fish available during each study year, were deployed at each sampling location. During the 2004, 2005 and 2006 studies, a 10 day exposure was employed. However, follow ing notation of empty stomachs in exposed fish and blood analyses indicating stress (data not shown), the exposure period was re duced to 8 days in 2007. Cages were deployed by slowly lowering the cage apparatus ( Fig. 1) with fish enclosed to the sediment sur face, resulting in minimal sediment disturbance. If necessary, USEPA SCUBA divers carefully placed the cage on the sampling location. Following the end of the exposure period, fish were re trieved from the sampling stations in the same order in which they were placed and sacrificed by administration of MS-222 followed by severing of the spinal cord. All animal care procedures were conducted in accordance with institutional animal care and use committees (IACUC) for Texas A&M University.
The search for an appropriate uncontaminated reference site in the LDW was particularly challenging due to the extent of contam ination present, thus, for 32 P-postlabeling and CYP1A1 induction, reference fish were caged at the Mukilteo lab on clean water during the 2007 study period (flow-through seawater which has been sand-filtered and UV-sterilized) for 7 days without feeding. One treatment group of reference fish were fed during caging, while an other was subjected to starvation during the exposure. No signifi cant differences were noted between the two groups (data not shown), thus the reference fish which were starved were utilized as the control group because their conditions more closely resem bled that of the field-caged fish. Lengths and weights were col lected following sacrifice, with mean length ranging from 8.2 to 12.7 cm and mean weight ranging from 8.0 to 22.6 g depending on study year. Mean length and weight for fed hatchery caged fish were 10 cm and 8.8 g, respectively. Mean length and weight for starved hatchery caged fish were 9.2 cm and 7.8 g, respectively.
Additionally, for whole body tissue analysis for PAHs and PCBs, t = 0 fish were sacrificed each year on the day the study began were used as a reference. For FACs, previously published values for laboratory controls and wild-caught LDW fish were used for comparison.
With the exception of station K1, which was first sampled dur ing the 2005 study period, sampling stations were selected based on chemical analysis results of sediment and water sampling con ducted in July 2003 on the LDW (Gillespie, 2006) . Fig. 2 
Sample extraction
For sediment samples, approximately 10 g of oven-dried sample were extracted using methylene chloride in a Dionex (Dionex Corp., Sunnyvale, CA) Model 200 Accelerated Solvent Extractor (ASE) according to US EPA standard extraction method 3535 (USEPA, 1996a) . Sediment extracts were also treated with copper in order to remove sulfur-related interference. For water samples, liquid:liquid extractions were performed with methylene chloride according to US EPA standard extraction method 3510C (USEPA, 1996b) . Whole body fish tissue samples (excluding gills and liver which were removed for biomarker analysis) were first composited in a stainless steel blender according to exposure station (treat ment group). Next, blended fish tissue composites were weighed wet and then lyophilized overnight under vacuum using a Lab conco Free Zone 12 L Freeze Dry System (Labconco Corp., Kansas City, MO). Freeze-dried fish tissue composites were then re weighed prior to extraction to determine the percent moisture of each composite. In addition, fish tissue composites were then ground into a powder-like consistency with a mortar and pestle to ensure optimal extraction.
Tissue samples were then extracted with 40 mL of methylene chloride using the ASE according to US EPA standard extraction method 3535 (USEPA, 1996a). A surrogate spike solution with
Please cite this article in press as: Kelley deuterated PAHs was added to each sample to correct for PAH recovery efficiencies. For both sediment and tissue samples, the ASE was operated at 1500 psi, and each sample was solvent flushed in two cycles at 50% cell volume and 60 s purge time. The stainless steel extraction cells were heated to 100 0C with 2 min pre-heat, 5 min heat, and 5 min static times for each cycle. Sample filters (Part No. 049458) were grade D28 with a 1.983 cm diameter. A Zy mark TurboVap LV evaporative solvent reduction apparatus (Zy mark Corp., Hopkinton, MA) at 45 0C for 13 min was used to concentrate the extracts to one mL. Extracts were further reduced to 0.5 mL under purified nitrogen. Tissue extracts were further purified using silica gel/alumina long columns, followed by gel per meation cleanup using HPLC.
Chemical analysis
Sediment extracts, water extracts, and extracts from fish tissue composites were all analyzed for PAHs and other semivolatile or ganic compounds (SVOCs) using USEPA method 8270C (USEPA, 1996c) and for total PCBs and PCB homologs following USEPA method 680 (Alford-Stevens et al., 1985) . Water samples are not filtered prior to extraction, thus sediment particles are sometimes present in samples. Analysis was performed using an Agilent 5980 gas chromatograph coupled to an Agilent 5972 mass selective detector in selected ion monitoring mode. A DBS-MS 60 m x 0.25 mm ID x 0.25 mm film thickness column (Agilent Technologies, Palo Alto, CA) was utilized. The injection port was maintained at 300 0C and the transfer line at 280 0C. The tempera ture program was as follows: 60 0C for 6 min increased at 12 0C/ min to 180 0C and then increased at 6 0C/min to 310 0C and held for 11 min for a total run time of 47 min. Total PAHs (tPAHs) re ported include 51 PAHs and alkylated homologs. Reporting limits for individual PAHs were 10 ng/L in water, 0.1-0.5 ng/dry g in sed iment and 0.6-6.5 ng/g wet in fish tissue. Low-molecular-weight PAHs (LMW PAHs) reported include naphthalene, acenaphthylene, acenaphthene, fluorene, anthracene (AN), and phenanthrene (PH), while high-molecular-weight PAHs (HMW PAHs) reported include fluoranthene (FL), pyrene (PY), benz(a)anthracene (BaA), chrysene
and benzo(g,h,i)perylene (BghiP). Carcinogenic PAHs reported in clude BaA, CH, BbF, BkF, BaP, IP, and DBahA. PCBs were detected by level of chlorination and all homolog groups were summed for total PCBs (tPCBs) reported. Reporting levels for PCB homolog groups were 5 ng/L in water, 0.8-4.5 ng/dry g in sediment and 2.0-13.5 ng/g wet in fish tissue.
2.5.
P-postlabeling
Similar to Barbee et al. (2008) , hepatic tissue and gills were re moved from fish and composited according to exposure location. Hepatic and gill samples were typically composites from 4 to 6 fish from each in-water exposure site. During the 2004 study, adduct analysis using hepatic and gill tissue composites was performed. Relative adducts labeled in hepatic composites were lower than relative adducts labeled in gill tissue composites. Thus, in subse quent study years, the study design called for utilization of hepatic samples for other analyses and gill tissue composites were utilized for adduct analyses. Juvenile Chinook salmon which were caged in clean water at the Mukilteo lab were utilized as a reference (con trol) for statistical comparisons in this assay. These reference fish were caged and exposed for 7 days at the Mukilteo lab and were not fed during this exposure time period, thus effects due to stress from caging or starvation during the experiment should be experi enced in both experimental fish and reference fish. In 2005, the exposure was conducted, as in other study years, however due to various issues including thawing and some deterioration of sam ples during shipment delays, DNA extracted from the gill samples was of questionable quality. Rather than attempt the postlabeling analysis with questionable DNA, study investigators decided to ex clude the 2005 salmon from DNA adduct analysis.
DNA was isolated by solvent extraction combined with enzy matic digestion of the protein and RNA . Isolated DNA was stored at -80 0C, until postlabeling assay. DNA adducts were quantified using nuclease p1-enhanced bisphosphate was enzymatically degraded to normal (Np) and modified (Xp) deoxyribonucleoside 3 0 -monophosphates with micrococcal nucle ase and spleen phosphodiesterase at pH 6.0 and at 37 0C for 3.5 h. After treatment of the mixture with nuclease P1 to convert normal nucleotides to nucleosides, modified nucleotides (Xp) were converted to 5 0 -32 P-labeled deoxyribonucleoside 3 0 ,5 0 -bisphos phates (pXp) by incubation with carrier-free [c-32 P]ATP and T4 polynucleotide kinase at pH 9.0. Radioactively labeled modified nucleotides were mapped by multidirectional anion-exchange thin-layer chromatography (TLC) on polyethyleneimine (PEI)-cel lulose sheets (Mabon et al., 1996) . After removal of orthophosphate and traces of radioactive impurities by one-dimensional develop ment with 2.3 M sodium phosphate, pH 5.75 overnight (D1), bulky labeled DNA adducts retained in the lower (2.8 x 1.0 cm) part of the D1 chromatogram were, after brief autoradiography on Cronex 4 X-ray film, contact-transferred to fresh thin-layer sheets and re solved by two-dimensional TLC. adducts were visualized by screen-enhanced autoradiography at -80 0C using Kodak XAR-5 film and were determined with the aid of an Instant Imager (Packard Instruments) (Zhou et al., 1999) . Radioactive labeled DNA adducts were then quantified using instant imager software and statistical analysis was per formed using SigmaPlot software version 11.0 (Systat Software, Inc., San Jose, CA). RAL values were calculated according to the following:
where DNA-P represents the amount of DNA assayed (expressed as pmol DNA monomer units) and specific activity (Spec. Act.) of [c-
32 P]ATP used in the labeling reaction. Thus, for 10 lg DNA, and ATP with a specific activity of 4.5 x 10 6 cpm/pmol, 145 cpm corre sponds to an RAL value of 10 9 (i.e., an estimated level of one mod ification in 10 9 DNA nucleotides).
FACs in bile
FACs in bile were measured by high-performance liquid chro matography (HPLC) using the method employed by Krahn et al. (1986a) with minor adaptation. For a more detailed description please refer to Meador et al. (2008) . Results were quantified and re ported as phenanthrene (PHN) equivalents. Bile samples were ana lyzed using an HPLC equipped with a Waters (Milford, MA, USA) 600 Multisolvent Delivery System pump, an autosampler, and three PerkinElmer (Norwalk, CT, USA) fluorescence detectors. A 30-to 42-lm reverse-phase Vydac C18 guard column (0.20 x 2 cm) (Alltech, Los Altos, CA, USA) and a Phenomenex (Tor rance, CA, USA) Synergy™ Hydro RP C18 reverse-phase analytical column (4.6 x 150 mm) were used for this analysis. Each sample run utilized 3-5 ll of thawed, untreated bile and was eluted with a HPLC linear mobile phase gradient at a flow rate of 1.0 ml/min. Initially, the gradient ranged from 100% solvent A (water contain ing 5 ll/L of acetic acid) to 100% solvent B (methanol) over an 8 min period. This was followed by 13 min of 100% solvent B before the gradient returned to 100% solvent A over a period of 3 min.
Samples were run with three different types of quality control samples including HPLC control standard, a bile reference material and a method blank set. Biliary FACs (PHN) were determined through measurement of fluorescence at the 260/380 nm ex/em wavelength pair. The PHN signal was chosen based on the results of Meador et al. (2008) who analyzed dietary exposure studies with salmonids that were fed a range of high and low molecular weight PAHs mimicking stomach contents of field collected fish. They determined that the PHN signal exhibited the highest corre lation with PAH-dose (lg/g fish/day) and was therefore appropri ate for field-exposed fish.
In this system, FACs are known to elute at >9 min and total area under the curve was integrated for each wavelength pair. In order to account for feeding state and concentration of water in bile, fol lowing quantification, analytes were normalized to protein as de scribed by Lowry et al. (1951) . This step was deemed necessary as fish experiencing starvation have been shown excrete bile less frequently than feeding fish and thus exhibit comparatively ele vated biliary FAC values and protein content (Collier and Varanasi, 1991) .
CYP1A1 expression
Western blot analysis was used to determine the relative levels of CYP1A1 expression in liver samples of in situ caged juvenile Chinook salmon. CYP1A1 was only measured during the 2007 study period and reference fish were caged at the Mukilteo lab for comparison. In order to obtain the required amount of liver tis sue for analysis, typically the hepatic tissue from three fish from the same in-river exposure site were composited for each sample. Microsomes were prepared by homogenizing whole livers with ice-cold homogenizing buffer (pH 7.4), composed of 10 mM Tris and 0.25 M sucrose. Following homogenization, several centrifugal steps were completed and microsomes were suspended in buffer and stored at -80 0C until use. Protein concentration was mea sured through use of Biorad Protein Assay Dye Reagent Concen trate (catalog No. 500-0006) followed by measurement on a SpectraMax 340 (Molecular Devices, Sunnyvale, CA) at the 600 (nm) wavelength.
The separating gel was a standard 10% SDS-polyacrylamide gel electrophoresis (SDS-PAGE) preparation. Samples were electro phoresed and proteins were detected by incubation with 1:1000 polyclonal primary antibody CYP1A1 (H-70, Santa Cruz Biotechnol ogy, Santa Cruz, CA) followed by blotting with horseradish perox idase-conjugated anti-rabbit secondary antibody (1:5000 dilution). Blots were then exposed to chemiluminescent substrate PerkinElmer Life Sciences) and placed in Kodak X-Omat AR autora diography film. Band intensities (integrated density) were deter mined by a scanning laser densitometer (Sharp Electronics Corp., Mahwah, NJ) using Zero-D Scanalytics software (Scanalytics Corp., Billerica, MA) and Image J software (NIH, Bethesda, MD).
Statistics
For statistical comparisons, in this study we considered a p va lue <0.05 to indicate statistically significant differences between mean values. ANOVA was typically used to assess statistically sig nificant differences between treatment groups. In regard to tissue composites, total PAHs detected from each station from all study years were compared to fish tissue composites from Chinook sal mon which were sacrificed prior to the exposure (time = 0) from all study years. A Kruskal-Wallis one way ANOVA was performed on ranks using SigmaPlot software (San Jose, CA) because the data failed to meet the assumption of a normal distribution. Results indicated that a significant difference between the treatment groups was present, thus a posthoc test using Dunn's method was conducted in order to make multiple comparisons versus the control.
In regard to DNA adduct analysis, levels of total RAL in compos ites from each station from each sampling year were compared for significant difference using one way ANOVA. The data failed to satisfy the assumption of a normal distribution, thus the one way ANOVA was conducted using ranked data. In addition, the Student-Newman-Keuls post hoc test was selected for multiple comparisons versus the control (caged Mukilteo lab fish). It is also of note that statistical analysis of biliary FACs was performed using ANOVA followed by administration of Fisher's LSD post hoc test.
Results
Sediment analysis
Levels of contaminants measured in sediment samples from July 2004 to July 2007 varied among stations, although means are not significantly different. These results are presented by study year in Fig. 3 . When overall mean of the four sampling years is con sidered, station B2 had the highest mean concentration of total PAH (tPAH) (2.7 ppm). Sediment from station K1, originally in tended to be a reference station, exhibited the next highest mean tPAH concentration (1.8 ppm). An important distinction between these two sampling stations is that mean total PCBs (tPCBs) were present at station B2 at high levels (1.2 ppm), whereas station K1 samples contained only 16 ppb. In general, HMW PAHs were more predominant in the sediment samples across stations.
Source allocation of PAHs in LDW sediments
Based on the ratios of PAHs in sediment samples (Table 2) , con tamination in the LDW likely comes from both petrogenic and pyrogenic sources and varies both spatially and temporally. Neff et al. (2005) assert that a phenanthrene to anthracene (PH/AN) ra tio of less than 5 is typical of pyrogenic assemblages, while a PH/ AN ratio of greater than 5 is typical of petrogenic assemblages. In addition, pyrogenic assemblages typically have a fluoranthene to pyrene (FL/PY) ratio which approaches or exceeds 1, while FL/PY ratios which are substantially below 1 are typical of petrogenic assemblages (Neff et al., 2005) .
Chemical analysis of sediment samples collected during the 2004 sampling period indicates that both petrogenic and pyrogenic sources were present as the PH/AN ratios are all above 5 and the FL/PY ratios are all above 1, thus indicating a mixed exposure. Data from our other study years (2005) (2006) (2007) indicates that the contam ination is coming from a variety of sources as ratios vary between stations and even from the same station from year to year. These results highlight the dynamic nature of this estuary.
Water analysis
Total PAHs measured in water samples varied substantially among sampling years (Fig. 4) . The highest mean total PAHs were 
Tissue composite analysis
Total PCBs were not detected in any of the fish tissue samples for all years sampled. Mean concentrations of total PAHs in Chi nook salmon tissue samples from each sampling year are shown in Fig. 5 . Among fish that were caged at the Mukilteo lab, one treat ment was fed and another was not, in order to allow examination of the effects of feeding on levels of PAHs in tissue and biomarker responses. Results of the statistical analysis revealed that levels of total PAHs detected in tissue composites from the juvenile Chinook sal mon which were exposed at stations K1, B2, B3 and B4 during the 2005 sampling period were significantly higher when compared to levels in tissue composites taken from salmon which were sacri ficed prior to exposure (time = 0). Although additional instances of elevated levels of total PAHs in salmon composites were noted, ANOVA did not reveal any other significant differences among indi vidual stations and control fish.
DNA adduct analysis
DNA adducts were quantified as relative adducts labeling (RAL) per 10 9 nucleotides. Typical autoradiograms of DNA adducts de tected by the nuclease P1-enhanced 32 P-postlabeling assay are pre sented in Fig. 6 . During the 2004 study, levels of DNA adducts detected in gill tissue composites were significantly elevated com pared to hepatic tissue composites at stations B2 and B4, while sta tion B3 was comparable (Fig. 7A) 
FACs in bile
Quantification of the PHN signal resulted in values of 11.0 and 13.6 lg/mg protein for composites from station K1 and B3, respec tively. In addition, data published by Meador et al. (2008) provides a comparison to put the data in perspective (Table 3 ). The compar ison indicates that juvenile Chinook salmon caged in the LDW for Fig. 5 . Mean and SEM total PAHs detected in juvenile Chinook salmon tissue composites, illustrating the significant spike across stations in 2005, following an 8-10 days caged exposure (depending on study year) in the Lower Duwamish Waterway, compared to fish that were not exposed (t = 0). Fish that were caged at the Mukilteo lab ± feeding were also included. Typically 3-8 fish per were used per composite and n = 4 for each treatment group. ⁄ Statistically significant difference from control. 10 days exhibited higher mean levels of biliary FACs than both ref erence lab fish from various years and from juvenile Chinook sal mon that were captured in the LDW near Kellogg Island. This indicates that caged fish were exposed to PAHs in water from gill ventilation.
CYP1A1 induction
The western blot displaying CYP1A1 induction is presented in Fig. 8 . Results indicate the highest levels of CYP1A1 induction were present in juvenile Chinook salmon that were exposed in the LDW at stations B3 and B4 (integrated density of 34 and 26). However, neither station was significantly elevated relative to controls (inte grated density of 21). In addition, juvenile Chinook salmon exposed in the LDW at sampling station B2 produced a CYP1A1 response that was lower than lab fish that were caged in clean water at the Mukilteo lab (integrated density of 17).
Discussion
A series of in situ exposure studies have been conducted using caged juvenile Chinook salmon in the LDW over a four-year period. Examination of the data revealed that the biomarker responses among field-exposed fish were often elevated compared to con trols. For example, DNA adduct analysis revealed significantly ele vated levels compared to controls, with the exception of the 2007 study period, when the lowest levels of contaminants were de tected in water samples. Additionally, tissue body burden tPAHs were significantly elevated during the 2005 study period when some of the highest levels of tPAHs were detected in water samples and the only study period when tPCBs were detected in water sam ples. Further, FACs were significantly elevated compared to con trols. For example, field-caged fish from station B3 exhibited significantly higher FACs compared to both Mukilteo lab fish and wild-caught fish from the LDW, after only a 10 day exposure. Pre vious studies have established that juvenile salmonids typically ex hibit a residence time of up to 2 months in the Duwamish estuary (Meyer et al., 1981) . More specifically, McCain et al. (1990) esti mated that juvenile Chinook salmon captured during their study migrated through the Duwamish Waterway for an exposure period ranging from 1 to 6 weeks. Finally, CYP1A1 induction levels were comparable among stations; however this analysis was only com pleted during the 2007 study period when contaminants in water were detected at their lowest level.
Previous research conducted on the LDW has documented vary ing degrees of contamination. For example, examination of a small selection of studies (Collier et al., 1986; Malins et al., 1982 Malins et al., , 1987 Stein et al., 1992; Varanasi et al., 1985) , reported levels of tPAHs and tPCBs as high as 12 and 0.8 ppm, respectively in LDW sedi ments. Analysis of sediment samples collected from 2004 to 2007 detected elevated concentrations of PAHs and PCBs in the LDW and the range of contaminant concentrations observed were comparable with those detected by previous studies.
Interestingly, tissue residue analysis of tPAHs in fish tissue com posites revealed a spike during the 2005 sampling period com pared to other sampling years. This spike was somewhat consistent with levels of tPAHs detected in water samples, as the highest levels of tPAHs detected in water samples over the course of the longitudinal study were associated with the 2005 sampling period. However, it is of note that only two of the four stations (K1 and B2) were substantially higher than all other study years. Thus measurement of PAHs in fish tissue following an in situ exposure does appear to be useful as an indicator of exposure. One potential explanation for the spike is that stirred up sediment in the water column prior to sampling may have resulted in increased bioavail ability of contaminants during the LDW 2005 sampling period. In support of this hypothesis, the only incidences in which total PCBs were detected in water samples occurred during the 2005 sam pling period. This detection is likely the result of increased pres ence of sediment particles in the water as the samples were not filtered prior to extraction.
In contrast, PCBs were not detected in any of the fish tissue composites that were analyzed, which is a major limitation of the study. The absence of feeding during the caged exposure offers a potential explanation for this result, however the major factor is likely the method chosen for PCB analysis. A similar caged expo sure conducted for 8 days in the LDW in 2009 using juvenile Chi nook salmon detected total PCBs in the 108-138 ppb range for field-exposed fish, while controls ranged from 78 to 88 ppb (unpublished data). These analyses were conducted utilizing gas chromatography with electrochemical detection. Future studies would benefit from the use of more sensitive congener-specific methods of PCB analysis.
Biomarkers such as DNA adduct analysis and biliary FACs, ap pear capable of serving as additional indicators of exposure. For in stance, measurement of PAH metabolites in bile is indicative of recent PAH exposures (Van Der Oost et al., 2003) . Analysis of the PHN signal from biliary FACs in this study in combination with pre viously collected data provided by Meador et al. (2008) (Table 3) revealed that juvenile Chinook salmon caged at sites K1 and B3 in the LDW, as well as wild Chinook salmon captured in the vicinity of Kellogg Island, exhibited significantly higher PHN FACs than control fish from the Mukilteo lab. In addition, juvenile Chinook salmon caged in the LDW at site B3 exhibited a significantly higher PHN signal than the wild-caught fish from the LDW. This elevated short-term biomarker of PAH exposure indicates the potential for adverse health effects in migrating salmon even with a residence time in the LDW as short as 10 days.
Although many studies have documented upregulation of cyto chrome P450 and FACs in fish following exposure to PAHs in water, no clear link between this response and long-term effects in indi viduals is evident (Lee and Anderson, 2005) . However, upregula tion of FACs is a clear indicator of exposure and inverse regression analysis can be utilized to relate biomarker responses to predict dose. For example, we used the station B3 mean PHN FACs value of 13.6 lg/mg protein in the equation provided by Mea dor et al. (2008) to predict dose. Based on the 90% upper confidence level for the inverse regression equation a predicted dose of 10.4 lg/g fish/day is obtained. A recent analysis by Kane Driscoll et al. (2010) showed that doses in this range are predicted to elicit adverse effects in fish. Interestingly, a laboratory study that ex posed juvenile Chinook salmon to a dietary PAH-mixture that was modeled from PAHs detected in the stomach contents of LDW juvenile Chinook salmon reported increased FACs with in creased dietary dosing (Palm et al., 2003) . Field studies have also shown associations between FACs and adverse effects. For in stance, Johnson et al. (1993) noted that concentrations of FACs in bile were correlated with probability of ovarian development. Moreover, a study conducted in Eagle Harbor, Washington, a PAH-contaminated site, noted reductions in FACs, hepatic DNA adducts and risk of lesions following placement of a sediment cap in remediation efforts (Myers et al., 2008) .
In addition to biliary FAC analysis, investigators intended to analyze the stomach contents of caged salmon. It was hypothe sized that a limited amount of feeding on small aquatic organisms that flow by the cages would occur. However, upon dissection it was noted that stomach contents of the fish were empty. Thus, the biomarker responses observed in this study are predominantly related to water column exposures resulting from gill ventilation.
Consequently, without dietary uptake, the exposure for fish to con taminants in this system was underestimated, especially for PCBs.
In contrast to FAC measurement, DNA adducts provide a more cumulative marker of PAH exposure that is representative of long er-term exposures (Van Der Oost et al., 2003) . Biomarkers such as DNA adducts are also useful as representatives of the biologically effective dose, or the dose that reaches the target tissues (Poirier and Weston 1996) . Moreover, although DNA adducts provide a clear indicator of exposure to carcinogens, a complex array of fac tors may alter the number of adducts observed in individuals, com plicating attempts to quantitatively link environmental contamination and DNA adduct levels (Dunn, 1991) . In gill tissue composites, DNA adducts were elevated compared to controls in 2004 and 2006, while adduct levels were lowest in 2007 when ambient exposure was detected at the lowest levels of the expo sure period. Unfortunately, the quality of DNA extracted from the 2005 fish was not acceptable for DNA adduct analysis as a result of thawing due to unexpected delays during shipment of fish from Washington State to Texas A&M University. Results from previ ously published field studies provide some support for the finding of elevated DNA adduct levels in LDW fish. Stein et al. (1993) found that three species of benthic flatfish exhibited higher levels of DNA adducts compared to fish collected from an uncontaminated location.
Western blot analysis of hepatic tissue was performed using samples from the 2007 sampling period and revealed non-signifi cant elevations in CYP1A1 induction at stations B3 and B4 com pared to reference fish. Among the potential explanations for the lack of significant induction is that the lowest levels of contami nants in waters were detected during the 2007 sampling year. In addition, Browne et al. (2010) were supplied a sub-set of fish from this experiment in 2007 and measured hepatic expression of seven different genes following the caged exposure in the LDW. Results of the study failed to identify any site-related differences in gene expression compared to controls, providing further information suggesting low bioavailability of contaminants in the water col umn during the 2007 sampling period, compared to other study years.
Although advantages of in situ biomarker studies are numerous, a major disadvantage is altered food availability during the expo sure (Chappie and Burton, 2000) . This altered food availability may cause physiological changes in fish. Martin et al. (2001) found alterations in expression of certain liver proteins in rainbow trout (Oncorhynchus mykiss) that were subjected to starvation for 14 days. Changes in growth hormone expression in rabbitfish (Sig anus guttatus) have also been documented after as little as 3 days of starvation (Ayson et al., 2007) . However, the consequences of altered feeding status on biomarker response can be difficult to estimate. For example, a 30 day starvation experiment using rain bow trout showed alterations in EROD activity after 30 days (Hanson and Larsson, 2007) . In contrast, a longer-term study, also utilizing rainbow trout, found no difference in EROD activity based on no, half or full rations for 9 weeks, though the study did report a significant reduction in glutathione S-transferase (GST) after 6 weeks (Gourley and Kennedy, 2009) .
As pointed out in Browne et al. (2010) , starved salmonids have been shown to exhibit reduced metabolism (Brett, 1995) . Addition ally, starved fish have been shown to exhibit reduced activity level. Sogard and Olla (1996) demonstrated that activity level in walleye pollock (Theragra chalcogramma) was significantly reduced with starvation. These findings have important implications in this study as many PAHs require metabolic activation to exert genotox icity (Pisoni et al., 2004) . In addition, reduced activity likely alters gill ventilation rate and contaminant uptake (Browne et al., 2010; Meador et al., 2008) . Thus, biomarker responses in this study are likely to underestimate the true exposure of migrating salmon, as hydrophobic compounds, such as PCBs are predominantly accumu lated via ingestion (Gobas et al., 1999) . This is supported by the lack of measurable PCB concentrations in tissue.
Further, the complex nature of sediment contamination poses a formidable challenge. For example, knowledge of the effects of chemical-chemical interactions in these complex mixtures is still limited and data are sometimes highly variable between studies. Along with mixture interactions, many sources of pollution in the LDW remain active, producing an ever-changing state of contami nation. Source allocation of PAHs appears to indicate that both point and non-point sources contribute to the toxicant burden, thus resulting in a more complex mixture of mutagenic and nonmutagenic PAHs. These data are consistent with the geographical location and site history for the LDW, which indicate that despite pollution reduction efforts, contamination likely continues to enter the estuary from a variety of remaining sources. Sources such as combined sewer overflows, storm drains, accidental spillage, and direct disposal or discharge have historically contributed to the contamination in the LDW (USEPA, 2001) . Boating activities in the LDW also may contribute to disturbance of the top few cm of sediment (Windward Environmental LLC, 2007) . Proximity to Interstate 5 (a heavily traveled roadway) also provides the oppor tunity for addition of contaminants through both runoff and atmo spheric transport.
Further complexity is present due to the ability of PCBs to alter effects of other chemicals as documented by previous studies. For example, Collier et al. (1985) noted that exposure of coho salmon to PCBs substantially altered the biological fate of 2,6-dimethyl naphthalene (DMN). Shelton et al. (1983) showed that PCBs can either enhance or inhibit carcinogenesis induced by aflatoxin expo sure in rainbow trout. Stein et al. (1984) exposed English sole (P. vetulus) to sediments spiked with radiolabeled PCBs and BaP for 10 days. Results indicated that simultaneous exposure increased the amount of BaP-derived radioactivity in bile. The authors sug gest that previous research has demonstrated that PCBs induce mixed function oxidases (MFO), which are responsible for metabo lism of PAHs, thus potentially explaining why the results indicated increased metabolism of PAHs upon coexposure with PCBs. As pre viously stated, many PAHs require metabolic activation in order to exert genotoxicity (Pisoni et al., 2004) , thus increased metabolism of PAHs in the presence of PCBs would be expected to promote DNA adduct formation.
However, contrasting results were obtained in a recent study conducted by Gillespie (2006) using a sediment extract from the LDW. Mice were exposed dermally to 100 nmol BaP alone or 100 nmol BaP in combination with LDW sediment extract. Although the LDW sediment extract contained a complex mixture of PCBs and PAHs, tPCBs were the predominant contaminant group present in the sediment extract (approximately 20-fold higher than levels of tPAHs). Results indicated that administration of BaP alone resulted in the highest levels of DNA adduct formation, while adduct levels decreased in a dose-dependent manner upon addition of increasing quantities of the predominantly PCB-con taining LDW sediment extract. Due to potential chemical-chemical interactions, the method of DNA adduct analysis utilized in this study may be most appropriate for use at sites at which PAHs are the sole or predominant contaminant of concern.
The focus of our study was primarily PAHs and PCBs, although many additional contaminants are present in the LDW. These con taminants could potentially have affected results even though analysis was not performed on these chemicals. Data published in the LDW Final Remedial Investigation Report (Windward Envi ronmental LLC, 2010) , was used to compile a table listing addi tional contaminants that were detected within approximately 50 and 100 m of our sampling stations (Table 4) . Close examination of the data reveals that in the vast majority of samples, levels of contaminants, including various metals, detected near our sam pling sites fell below both cleanup screening levels (CSLs) and sed iment quality standards (SQSs). In light of this information, it is unlikely that these contaminants played a prominent role in the observed biomarker responses. It is also of note that these SQSs and CSLs were derived based on toxicity in invertebrate organisms and are thus not directly applicable to vertebrate fish.
Other important limitations of the study include similar levels of contamination between sampling stations. The lack of an ade quate exposure gradient was therefore not optimal for evaluation of utility of the biomarkers employed in this study. Sampling sites were selected based on previous data collection, discussions with public agencies, and the presence of both PAHs and PCBs in sedi ment, in order to evaluate biomarker response in the presence of complex mixtures. Ideally, sampling locations would have pro vided a more diverse exposure gradient in which varying levels of contaminant would be encountered and evaluated. This would provide a more accurate depiction of the relationship between lev els of DNA adducts present in the exposed test species and levels of contaminants present in contaminated water and sediment. Col lection of additional sediment and water samples each study year may have also been beneficial in differentiating levels of exposure between stations. Additionally, although it is possible that the increase in contam inants detected in 2005 water samples was related to elevated con taminant input to the LDW, relative to other study years, another potential explanation is that a disturbance of the sediment resulted in elevated contaminants in the water column. Water samples were not filtered prior to extraction, thus contaminants that were sorbed onto sediment particles in the water column were also ex tracted during sample processing. This hypothesis of altered re sults due to increased presence of sediment in the water column is supported by analysis of water samples from the 2005 study per iod that detected PCBs in the majority of samples, contradicting every other study period that produced only non-detects in this re gard (data not shown).
Given the complex nature of these exposures, it is difficult to speculate on why the 2005 spike in tissue-PAHs was only consis tent with elevations in water-PAHs at two of the four stations. It may simply be an issue related to the heterogeneity of water sam pling or it could be related to a host of unknown factors. If the exposure to water column contaminants in 2005 was indeed ele vated relative to other sampling years due to disturbance of the sediment, metabolic pathways may have simply become over whelmed, resulting in greater retention of parent PAHs in tissue during the 2005 sampling period. Further, data collected during the Lower Duwamish Waterway Group's LDW Remedial Investiga tion detailed higher levels of PCBs present in salmon tissue col lected shortly following dredging events (Windward Environmental LLC, 2007) . Future studies would benefit from filtra tion of water samples and perhaps comparison of filtered and unfiltered water samples. Incorporation of passive sampling de vices, such as solid-phase microextraction samplers, would also aid in more accurately assessing the contaminants in the water col umn. Devices such as these would integrate changes in the expo sure over time, as opposed to the current study design that simply took a snapshot of the water column prior to and at the conclusion of the exposure.
Further, the lack of a true in-river reference site (sampling sta tion K1 was originally intended for this purpose but high levels of PAHs were detected) was not ideal and in selected instances divers were unable to locate deployed cages. An additional factor that was not accounted for in the study design is that exposure among fish in bottom cages likely was not identical to that of fish placed in top cages. When fish were randomly selected for composites by station no differentiation was made between top or bottom cages. Finally, Code: -= <SQS, + = >SQS, ++ = >CSL. Web link to access maps: http://ldwg.org/assets/phase2_ri/final%20ri/Final_LDW_RI_Map_Folio_2_Section_4_Maps.pdf. a = SQS or CSL was originally derived from data normalized to organic carbon. SQS or CSL has been converted using median total organic carbon of 1.6% (Meador et al., 2008) . bulk sediment chemistry data, including factors such as total or ganic carbon, which have the potential to alter bioavailability were not analyzed in the study and could have potentially aided in accounting for potential differences in bioavailability between stations. Numerous sediment quality guidelines (SQGs) are available to serve as screening tools to help estimate the likelihood of toxicity among aquatic organisms and to identify areas of concern. How ever, the scientific basis for many of these SQGs primarily involves the use of benthic invertebrates which are far more likely to bioac cumulate PAHs, thus bringing the applicability of these SQGs to fish into question (Johnson et al., 2002) . In contrast, Horness et al. (1998) have produced a set of sediment quality thresholds (SQTs) based on hockey stick regression analysis of liver lesion prevalence in English sole (P. vetulus). The method was later ex panded upon to include additional endpoints by Johnson et al. (2002) . In regard to sediment-associated PCBs, Meador et al. (2010) have provided a sediment guideline for juvenile Chinook salmon based on tPCB bioaccumulation. A comparison of sediment samples collected in the LDW from 2004 to 2007 to these assess ment tools is presented in Table 5 . Note that mean levels of con taminants at each of the stations sampled in the LDW exceeded the lower range of the SQT or guideline.
In addition, examination of the data in relation to SQTs, such as the one provided by Horness et al. (1998) , indicate that fish ex posed to the PAH contamination present in the LDW would likely exhibit an elevated prevalence of hepatic lesions. This prediction would be consistent with data generated from previous studies conducted in part on the LDW (McCain et al., 1977; Pierce et al., 1978) . For example, several studies conducted by the National Marine Fisheries Service have demonstrated that juvenile salmon from the Duwamish exhibited reduced growth and impaired im mune function compared to specimens from less contaminated areas (USEPA, 2001) . Among these studies, Varanasi et al. (1993) , in addition to the above mentioned effects, reported elevated con centrations of PCBs in tissue and elevated FACs. Additionally, the study noted that when held in the laboratory and monitored for survival, juvenile Chinook salmon from the Duwamish exhibited reduced survival compared to juvenile Chinook from a non-urban estuary.
The SQTs utilized in this study are preferable to other available methods as they link concentrations of PAHs in sediment with ad verse effects in resident fish, that readily metabolize PAHs, rather than with toxicity in benthic organisms, that are not capable of metabolizing PAHs (Johnson et al., 2002) . In addition, both urban and non-urban sampling locations were included in the analysis, so the results are applicable to urban waterways such as the LDW. Disadvantages of the approach include that salmon spend less time in residence in the LDW, have less contact with sediment, and consume fewer benthic invertebrates than English sole, which were used to generate the SQT. Therefore salmon exposure may be considerably lower than English sole (Johnson et al., 2002) .
Conclusions
Although each of the biomarkers employed in this 4 year in situ study offer advantages and disadvantages, cumulatively, they provide valuable information for use in environmental monitoring of contaminated sites. In the case of the LDW, the biomarkers pro vided a sensitive measure of exposure assessment, as response in field-caged fish was often elevated compared controls. It also ap pears that the biomarkers employed may aid in detection of spikes in contaminant levels across study years. The considerable varia tion observed in sediment and water samples, as well as biomarker responses, emphasizes the challenges associated with character ization of contaminated waterways. This is especially true at sites such as the LDW, where contamination is ongoing, despite improvements in source control in recent years. This study illus trates the importance of longitudinal studies in order to accurately assess the contamination. Although use should be considered on a site-specific basis, in addition to traditional toxicity measures, caged in situ exposure studies provide supplemental data which would enable site managers to make better informed management decisions.
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